soil, as well as its potential toxicity in plants. The most common oxidation states of As are −3, 0, +3, and +5. Arsines and metal arsines are those in which As has an oxidation state of −3, and these forms are very unstable under oxidizing conditions. Under aerobic conditions, the oxidation state of As tends to be +5, and when this occurs at a pH between 2 and 3, arsenic acid (H 3 AsO 4 ) is formed. When the pH rises to values between 3 and 11, this compound (Smedley and Kinninburgh 2002 ) . Under anaerobic conditions, the predominant As species is H 3 AsO 3 . Arsenic also biomethlyates easily (Barán 1995 ) . Arsenic is widely distributed throughout the environment and can be detected in the lithosphere in concentrations between 1.5 and 2 mg kg −1 , making it the 52nd most abundant element . Arsenic forms a part of more than 245 minerals that include arsenates (60%), sulfi des, and sulfosals (20%), as well as other compounds such as arseniurates, arsenites, oxides, and silicates (20%) (Mandal and Suzuki 2002 ) . The majority of arsenic deposits in the earth's surface are found as sulfurous minerals (arsenopyrite).
The Presence of and Exposure to Arsenic in the Environment
Inorganic arsenic is present in soil, water, air, and food such that humans are constantly exposed to this contaminant (Mandal and Suzuki 2002 ) . The range at which arsenic is present in soils varies normally between 0.2 and 40 mg kg −1 , while in urban areas the concentration in atmospheric air is approximately 0.02 m g m −3 . On a global level, drinking contaminated water is the major source of exposure to this contaminant (Smedley and Kinninburgh 2002 ) . It is estimated that some 30 million people are exposed to waters contaminated with arsenic, a quarter of them showing symptoms associated with long-term exposure in at least fi ve South Asian countries: Bangladesh, India, Nepal, Tailandia, and Myanmar (Caussy 2003 ) . The World Health Organization (WHO) recommends a maximum level of arsenic in waters of 10 m g L −1 (Bissen and Frimmel 2003 ) ; however, the concentration of arsenic in surface waters is greater than 2,000 m g L −1 in certain regions of Bangladesh and India (Tripathi et al. 2007 ) . Soil and water are the main sources of human exposure to arsenic at any given location, either by consumption (greatest in children; Rodríguez et al. 2003 ) , inhalation, or direct skin contact (DEFRA 2002 ) . Because arsenic accumulates in vegetables, fruits, and other plants that grow in contaminated soils, another important pathway of exposure is the transfer of arsenic within the food chain (Meharg and Hartley-Whitaker 2002 ) .
In terms of anthropogenic sources, annual global production of arsenic is estimated to be between 75 and 100 × 10 3 t . Natural sources (those in which human intervention does not play an important role) will depend, in many cases, on the geochemistry of each site, principally of the site's lithology and dispersion pathways. The major human activities that produce As are mining, metallurgy, agriculture, forestry, fossil fuel treatment plants, urban waste, and cattle farming Fitz and Wenzel 2002 ) . In both mining and metallurgy, arsenic is produced as a by-product of little value, making it an unwanted waste. There are important arsenic deposits in some components of the earth's surface, which give way to an elevated concentration of arsenic in the adjacent environment (up to 3% As in the soil) that rapidly decreases with distance from the contaminated sites (Zhang and Selim 2008 ) . Also, some industrial activities may be a source of As; for example, when old glass manufacturing industries disposed of rich As wastes in the early twentieth century (Madejón and Lepp 2007 ) . Many biocides, used to control diseases in agriculture and forestry, are composed of As (Lepp 1981 ) . Similarly, the use of fertilizers is also a source of arsenic in soils (Matschullat 2000 ) . Urban wastes derived from treatment plants and compost, often used as organic amendments, may contain arsenic in varying quantities (Beesley and Dickinson 2010 ) . Lastly, fossil fuel combustion also produces quantities of arsenic that may lead to long-term accumulation from the gases emitted to the surrounding areas (Matschullat 2000 ) . All of these factors release arsenic into the environment and can result in its accumulation in soils. When present in soils, As is generally observed to be more abundant in its inorganic form, with As(V) as the predominant species found under aerobic conditions (Atker and Naidu 2006 ) . In soils, organic As species are usually found as monomethylarsonic acid (MMA) and dimethylarsinic acid (DMA) (Takamatsu et al. 1982 ; Mestrot et al. 2011 ) .
The Dynamics of Arsenic in Soil
Some authors believe that base concentrations of 10-40 mg kg −1 of arsenic exist in areas where the lithology has no known unnatural sources of contamination (Fitz and Wenzel 2002 ; Mandal and Suzuki 2002 ) ; however, estimates of the average concentration that exists in the pedosphere are only 5-8 mg kg −1 (Matschullat 2000 ) . In the Andalusia region of Spain, values of 33 mg kg −1 of As have been documented to occur in soil, although amounts are highly dependent on the soil horizon, the type of soil and the lithology (Martín et al. 2007 ) . In rare instances, either because of natural or anthropogenic sources, some soils are known to contain extraordinarily high levels of arsenic, i.e., values of 0.1 and 2% arsenic (Chang et al. 2005 ; Ongley et al. 2007 ; King et al. 2008 ) . Such places pose a risk to human health as well as to ecosystem health, and if deemed necessary, these areas must be managed to reduce probable exposure risks.
An important variable in the study of As in soils is the heterogeneity in which it can appear, such that regions displaying high concentrations may be adjacent to regions that have much lower levels. In such cases, contaminant hot spots must be identifi ed, because they will pose the hardest-to-manage threats (Dickinson et al. 2009 ) . Several authors have described events in which As levels are greater in surface soil horizons Clemente et al. 2008 ) . When this occurs, it would indicate that contamination took place after the genesis of the soil in which it appears. However, this phenomenon depends on the source and method by which arsenic made its way into the soil. In one review (Fitz and Wenzel 2002 ) , the authors described how, in the European Union, there may be up to 1.4 million soil sites that are contaminated with metals, metalloids, and/or organic compounds. These authors also estimated that, in the USA, approximately 41% of the soil sites cataloged as being contaminated were cataloged as such because of arsenic. Similarly, in Australia, there are more than 10,000 soil sites contaminated by As. Some of these Australian sites are extensive in area and constitute large-scale events of As contamination.
When setting safe levels, environmental legislation or regulation tends to rely on values that refl ect total arsenic levels, but the total content of a trace element, as determined by acid digestion, is rarely a good indicator of the element's mobility or potential risk (Allen 2001 ) .
The Mobility and Solubility of Arsenic in Soils
The solubility of soil contaminants is a key parameter to understanding their probable mobility. The soluble fraction in which contaminants exist is in equilibrium with others that exist in the soil environment. Once dissolved in soil water, elements are often present as different species that have different ionic activities (Sauvé 2001 ) . Typical concentrations of arsenic in the soil solution, under aerobic conditions are <50 nM in non-contaminated soils, while they can reach values of up to 2 m M in contaminated soils Moreno-Jiménez et al. 2011a ) ; however, an exception was one sample from a semi-fl ooded mine soil that had up to 40 m M As. In fl ooded soils (where the predominate species is arsenite), typical concentrations of As in solution vary between 0.01 and 3 m M ) . In one As study, using lupine plants as indicators of As availability, the behavior of the in-soil crop was compared with that same crop grown hydroponically. In this study, an exposure of less than 10 m M of As in soil solution was established, wherein the total concentration of As was more than 2,000 mg kg −1 . In comparison to other trace elements, arsenic shows a low solubility in well-aerated soils (Beesley et al. 2010a ; Moreno-Jiménez et al. 2010a ) .
Traditionally, sequential extraction has been used to fractionate trace elements that appear in soil. For arsenic, which is usually present in its anionic form in soils, specifi c protocols for arsenic extraction have been developed from these methods (Onken and Adriano 1997 ; Shiowatana et al. 2001 ; Wenzel et al. 2001 ) . These extraction protocols have enabled researchers to determine that arsenic is often associated with oxides and hydroxides in soil (McLaren et al. 2006 ) . The exchange surfaces of silicates and organic matter tend to be negatively charged, and therefore have a greater tendency to retain cations. In soils that have a low pH (where positive charges predominate), conditions may favor the retention of As in exchange positions. In soils affected by pyritic materials or one that are associated with pyritic mining, arsenic may be found in large proportions within the residual fraction, indicating that it is bound in its mineral form (i.e., associated with sulfi des; Conesa et al. 2008 ).
The study of how arsenic is fractioned within soils can provide useful information about its mobility, migration, and potential toxicity. The As fraction retained in a labile form, within the soil matrix (soil and water) will be the most biologically active (bioavailable fraction) and the most mobile (soluble fraction) one. Figure 1 is an illustration that depicts the equilibrium achieved by As among several soil phases. From an ecological and toxicological point of view, the fraction that contains the contaminants in the soil matrix is the most important one and should be used as an indicator when analyzing soil contaminant risks ) . Therefore, the soil's solid phase is less important than the liquid phase or the equilibrium established between the solid and liquid phases (Sauvé 2001 ) . To date, there is neither a clear consensus surrounding the concept of bioavailability, nor is there an exact way of defi ning it, in the context of As. In plants, the bioavailable As fraction would be the amount of As a plant takes up from the soil , although this concept has yet to be measured and cannot be predicted (Fitz and Wenzel 2006 ) . The available and unavailable fractions of contaminants tend to be in equilibrium within the soil, but any change in environmental factors (pH, Eh, climate, biology, hydrology, organic matter, etc.), or alterations in mineral content (e.g., from dissolution-precipitation; oxidation-reduction; formation of complexes-disassociation; adsorptiondesorption) can alter the availability of an element ) . This dynamic behavior notwithstanding, the analysis of soils by many methods have produced interesting results when estimating a contaminant's potential plant bioavailability. The available fraction has generally been measured by correlating amounts of the element found in the soil vs. amounts found within the plants grown in the soil (Feng et al. 2005 ; Vázquez et al. 2008a ) . When this approach is used, some neutral salt extraction methods (Vázquez et al. 2008a ) , or those utilizing organic acid mixtures (Feng et al. 2005 ) have produced satisfactory results. Moreover, monitoring Fig. 1 Soil-As interactions and strategies to manage As availability and mobility in soils. Asterisk denotes liming and organic matter application, which may cause either As fi xation or release depending on the case programs that rely on rhizosphere suction cups have been employed, and these are designed to measure the available fraction of interstitial water that occurs within samples . One factor that is insuffi ciently understood is the rate of exchange that takes place between unavailable and available fractions, although that rate appears to be rather slow (Cattani et al. 2009 ) .
Factors Determining Arsenic Availability in Soils

The Effect of pH and Eh
In contrast to what happens with other trace elements, a rise in pH often results in mobilization of arsenic in the soil. In general, a rise in soil pH causes a release of anions from within their exchange positions, such that arsenate and arsenite are released (Smith et al. 1999 ; Fitz and Wenzel 2002 ; Beesley et al. 2010b ; MorenoJiménez et al. 2010a ) . However, several experiments (mainly with mine soils) have shown that high pH values, in the presence of sulfates and carbonates, can produce either a co-precipitation of arsenic in the subsequently formed oxyhydroxides and sulfates ) , or a precipitate such as calcium arsenate (which is slightly less insoluble than calcium phosphate) (Burriel et al. 1999 ) . For this reason, some soils probably demonstrate their maximum As(V) retention at a pH near 10.5 ( Goldberg and Glaubig 1988 ) . In well-aerated alkaline soils, the solubility of As is limited by its precipitation as Ca or Fe arsenates (Xie and Naidu 2006 ) . In soils with a high pH, carbonates can play an important role in the retention of arsenate (Zhang and Selim 2008 ) . When the pH drops below 2.5, As(V) becomes completely protonated (Zhang and Selim 2008 ) , rendering it less likely to be retained by soil particles.
As(V) is the predominant form that exists in soils, in which the pH + pe > 10; in contrast, As(III) is the dominant form found in soils, in which the pH + pe is less than 6 (Sadiq 1997 ) . Under aerobic conditions, sulfi des are easily oxidized, and as a consequence arsenic is released into the environment ; when soil pH is between 3 and 13, the major species found are H 2 AsO 4 − and HAsO 4 2− (Smedley and Kinninburgh 2002 ) . In reducing environments, arsenic is found as arsenite, the predominant species of which is H 3 AsO 3 . Poor adsorption of As(III) results from its neutral character in soils (Lakshmipathiraj et al. 2006 ) . Arsenite is more mobile and more toxic than is arsenate. Poor adsorption occurs when the redox potential of the soil is negative (Fitz and Wenzel 2002 ) , and changes in the handling or conditions of soils results in speciation changes of As (Carbonell-Barrachina et al. 2004 ) . Highly reducing conditions can cause As co-precipitation with iron-sulfurs, such as arsenopyrite, or the formation of arsenic sulfi des (AsS, As 2 S 3 ). During the oxidation of pyrite, Fe is oxidized from valence II to III, and arsenic is oxidized to arsenate. In contrast, under reducing conditions, Fe and Mn oxides are dissolved, releasing arsenate that is rapidly reduced to arsenite (Gräfe and Sparks 2006 ) .
The Role of Fe, Al and Mn Oxides, and Oxyhydroxides
Soils frequently retain important quantities of Fe, Al and Mn oxides, and oxyhydroxides. The distribution of these solids in the soil depends on both the pH and Eh of the soils involved. Under reducing conditions, the structure of Fe and Mn hydroxides is broken, and arsenic that was fixed to the interior or to the surface of these compounds is released. The activity of arsenic in the soil solution is controlled by reactions of retention and release along the surfaces of Fe, Mn, and Al oxides and hydroxides ( Livesey and Huang 1981 ; Fitz and Wenzel 2002 ; de Brouwere et al. 2004 ) , and soils with a large quantity of iron had a greater retention capacity of both arsenate and arsenite (Manning and Goldberg 1997 ) , arsenite being retained in lower quantities than arsenate (Fitz and Wenzel 2002 ) . As (V) has a high affi nity for the surfaces of iron oxides, where it forms inner-sphere complexes; however, As (V) can also be retained in external-sphere complexes (Waychunas et al. 1993 ; Cheng et al. 2008 ) . The results of several studies have shown that As(III) can be adsorbed and oxidized along the surfaces of some Fe-oxyhydroxides, such as goethite and ferrihydrite, or those of Mn (such as birmesite; Lin and Puls 2000 ) . In other studies, it was demonstrated that the adsorption of As(V) on goethite, magnetite, and hematite is reduced when the pH is raised ( Manning and Goldberg 1997 ; Giménez et al. 2007 ) . Giménez et al. ( 2007 ) found that hematite had the largest sorption capacity, followed by goethite and then magnetite. Arsenate has a high affi nity for the surfaces of iron oxides, as phosphate; however, arsenate has a lower affi nity for aluminum oxides than phosphate . Under reducing conditions, when a large portion of the Fe and Mn oxides have been reduced, gibbsite (which is more thermodynamically stable in anaerobic conditions) is able to absorb some of the As released by other oxides (Mello et al. 2006 ) . The adsorption of arsenic onto oxides depends on the duration of the interaction between As and the oxide, the release of arsenic being more diffi cult as the interaction time increases (Gräfe and Sparks 2006 ) .
The addition of Fe to the soil in several forms immobilizes As. For example, additions of Fe oxides, iron-rich soils (those reddish in color), inorganic Fe salts or industrial byproducts, rich in Fe, together with CaCO 3 , have all been used to raise the quantity of soil oxides, which, in turn, immobilizes As (Hartley et al. 2004 ; Hartley and Lepp 2008 ; Vithanage et al. 2007 ) .
Concentration of P and Other Elements in the Soil
The phosphate anion, the major species of P present in soils (Marschner 1995 ) , is an analog to arsenate. The application of P to soil results in a release of retained As (Fitz and Wenzel 2002 ; Cao et al. 2003 ) . This release results from competition between the retention of both anions. Such ions not only compete non-specifi cally for anionic exchange positions but they also compete in complexation reactions or in the retention by oxides. When exchange positions are involved, there are competitor ions that are less effi cient than phosphorus in displacing arsenic. Phosphate and arsenate are more effectively retained than are other anions, such as Cl , which are rapidly mobilized. This could result from the fact that chlorides and nitrates are adsorbed with little specifi city along the colloidal surface, whereas phosphates and arsenates are specifi cally adsorbed in soil components. Roy et al. ( 1986 ) were able to show that the retention capacity of As(V) was lowered in the presence of phosphate ions. In a similar study, the presence of anions other than phosphate had no effect on As(V) retention (Livesey and Huang 1981 ) . Woolson ( 1973 ) demonstrated how the application of phosphorous fertilizers in soils, contaminated by arsenic, mobilized up to 77% of the total arsenic found in the soil, and increased the availability of arsenic. It has been shown in numerous other studies that the application of P in soils causes an increase in the extractable fraction of As. This increase, however, is not necessarily refl ected by a greater absorption of As by plants, because arsenate and phosphate are competitors also for absorption by plants (Esteban et al. 2003 ) .
In addition to phosphate, As interacts with other anions. Increasing ionic strength of a soil solution is therefore one method used to reduce the quantity of As retained, and provoke competition between anions for exchange positions (Gräfe and Sparks 2006 ) . The action of anions, other than phosphate, appears to be signifi cant only in the absence of phosphate. Therefore, Stachowicz et al. ( 2008 ) observed that, in the absence of phosphate, carbonates moderately compete with arsenate for exchange positions, but when phosphorus is present, the effects of carbonates were not signifi cant. Alternatively, cations can alter the retention/mobilization of As in soils. Smith et al. ( 2002 ) determined that the presence of Ca 2+ and Na + causes an increase in the retention of As. Similarly, Stachowicz et al. ( 2008 ) described how Ca 2+ and Mg 2+ can induce the adsorption of phosphate and arsenate in soils.
The Effect of Clay Minerals
In general, the availability of arsenic is greater in sandy than in clay soils , although the retention of As in clays is less effi cient than with oxides (Gräfe and Sparks 2006 ) . Again, As(III) adsorbs to clay minerals less intensely than does As(V). There are many factors involved in the soil adsorption and desorption processes that affect As mobility. Among these factors is the structure of primary and secondary minerals to which As comes into contact. Another factor is the duration of interaction that exists between the clays of a soil and arsenic; the adsorption of As(V) and As(III) by clay minerals increases with time (Lin and Puls 2000 ) . Zhang and Selim ( 2008 ) suggest that isomorphic substitutions of Fe by Al in clays contribute to the adsorption of As. The anionic character of arsenic suggests that the mechanism of clay adsorption of this metalloid may be similar to that of P, through calciumbridging mechanisms (Fixen and Grove 1990 ) . Frost and Griffi n ( 1977 ) reported that montmorillonite can adsorb more As(V) and As(III) than does kaolonite, and the difference is derived from the increased surface charge of montmorillonite. Lin and Puls ( 2000 ) found that halosite and chlorite clays had a greater capacity to adsorb As(V) than did other clay minerals, and that kaolonite and ilite/montmorillonite, adsorb As (V) to a moderate degree. Arsenic is initially adsorbed on the clay surface, but with time, it is incorporated into the structure of the mineral. It was demonstrated that Californian soils having a greater percent of clay and appreciable quantities of Fe oxides had a greater As retention capacity (Manning and Goldberg 1997 ) .
Interactions with Organic Matter
Organic matter is of a heterogeneous chemical nature and constitutes a series of organic compounds of variable molecular weights that are differentially polymerized. This soil fraction is dominated elementally by carbon, oxygen, hydrogen, nitrogen, and phosphorus (in this order) and commonly has the following functional groups: carboxyls, carbonyls, alcohols, and amines (Stevenson 1982 ) . The level of polymerization of humic compounds and their molecular weights infl uence their solubility: as these compounds diminish in size, they have a greater proportion of functional groups (organic, fulvic, and humic acids) and display higher solubility. If more highly polymerized, humic compounds have fewer functional groups, e.g., humins, and will display lower water solubility. The effect organic matter has on trace elements depends on the qualitative composition of the organic matter. An organic fraction that has a large molecular weight will more effectively retain trace elements, whereas a more soluble and lighter fraction tends to dissolve elements, either by chelating (metals) or by displacing (anions) them. Depending on what the predominant compound in the soil is, either of these effects will be observed in the soil. How soil organic matter affects arsenic is inconsistent: in some studies, the application of organic matter reduced the mobility of arsenic (Gadepalle et al. 2007 ) , whereas, in others As is released after the application of compost (or there is a higher correlation between soluble carbon and soluble arsenic in soils; Mench et al. 2003 ; Clemente et al. 2008 ) . Weng et al. ( 2009 ) have recently studied how fulvic and humic acids in solution are able to reduce the capacity for arsenate retention in goethite through electrostatic competition. Therefore, dissolved organic matter can compete with arsenate and arsenite for soil retention positions ) . Alternatively, some humic acids may form humic-clay complexes that have the capacity to retain As (Saada et al. 2003 ) . Therefore, the relationship between soil arsenic and organic matter is complex and depends on multiple factors that include: the ratio of soluble organic carbon present, and the fractions of insoluble and stable humus, and the concentrations of Fe, Al, and Mn present in the organic matter (Gräfe and Sparks 2006 ) . One important consideration, when adding organic amendments to a soil, is that the bioavailable fraction of As may be high (Beesley and Dickinson 2010 ) , despite the fact that the total concentration of As is usually <30 mg kg −1 (Adriano 2001 ) .
Other Factors
Large differences in various soil parameters may exist during the year, and hence, the availability of trace elements in soil may also be variable (Vanderlinden et al. 2006 Zhang and Selim 2008 ; Cheng et al. 2008 ; Kreidie et al. 2011 ) . Such precipitates are frequent in mining sites, where high concentrations of As exist in the soil; if As concentrations are high and rainfall takes place the risk that As will leach from soil will increase. The duration of the interaction between arsenic contamination and the soil is another factor that must be considered, since the bioavailability of As decreases as it ages in soil (favoring its retention in less available fractions; Lombi et al. 1999 ) .
Arsenic in Plants
Absorption and Transport
Different arsenic species simultaneously exist in soils (e.g., As(III), As(V), MMA, DMA; Takamatsu et al. 1982 ) . Where the inorganic form of As predominate, the arsenic is primarily taken up into plants via root absorption, in a process analogous to how nutrients and other trace elements are absorbed.
Changes to As Mobility
Plant roots use fairly effi cient mechanisms to modify the solubility and availability of mineral elements in the soil (Marschner 1995 ) . Hence, a plant has a direct infl uence over the biogeochemical conditions in the area of the root or rhizosphere (Mengel and Kirkby 2001 ) . For example, organic exudates, organic molecules of low molecular weight, are able to mobilize nutrients that are available only in low quantities in the soil, thus rendering anions (phosphates) and cations (Fe, Cu) more available. Alternatively, mechanisms by which plants immobilize toxic soil elements, as is the case of aluminum, have also been described (Mariano and Keljten 2003 ) . It is also known that plants are capable of altering the pH of the rhizosphere (MarschnerAlthough little information exists on the mechanisms by which plants mobilize or immobilize As (Fitz and Wenzel 2002 ) , the analogy drawn between phosphate and arsenate allows us to establish certain parallels between the rhizospheric dynamics of P and As. Many plant species have an active mechanism for pumping organic acids from roots into the rhizosphere, rendering P more mobile (Smith and Read 1997 ) . The mobilization of P induced by organic acids has been attributed to rootinfl uenced pH changes (Raghothama 1999 ) . These organic acids have a low molecular weight (carboxylic acids such as citric and malic acids) and are able to displace phosphate from positions of retention within the soil; they then act to chelate metals that immobilize P, and form metal-chelate complexes with P ( Fitz and Wenzel 2002 ) . The soil solubilization of P and its absorption by plants has additionally been attributed to the secretion of fl avonoids from roots (Tomasi et al. 2008 ) . Because arsenate and phosphate are chemically analogous, all of these processes are likely to mobilize As; for example, organic acids are capable of displacing arsenate from exchange positions in soils (Redman et al. 2002 ; Wenzel 2009 ) . Additionally, plant strategies to attack oxides-hydroxides of Fe will also alter the surfaces on which As is retained, and this can potentially solubilize As (Fitz and Wenzel 2002 ) .
Mycorrhizae are associations between plant roots and fungi, wherein the fungi are able to colonize roots, either intra-or extra-cellularly (depending on the type of mycorrhiza formed). Hence, mycorrhizae play an important role in the mineral nutrition and absorption of elements by plants (Marschner 1995 ; Azcón-Aguilar and Barea 1997 ; Fitz and Wenzel 2002 ) . Mycorrhizal interactions are produced in approximately 80% of angiosperms and in all gymnosperms (Fitz and Wenzel 2006 ) , and in many cases provide plants with increased resistance to biotic and abiotic stresses (Latch 1993 ; Schutzendubel and Polle 2002 ) . Phosphorus is particularly important: many mycorrhizae play a fundamental role in P nutrition in the plant (Mengel and Kirkby 2001 ) , and act to increase, by two to three times, the amount of P accumulated in plants ( Fitz and Wenzel 2006 ) . Therefore, the study of mycorrhizae is relevant to an understanding of how As/P interact in plants. As absorption is reduced in the presence of mycorrhizae in several plant species, including Pteris vittata , lentils, alfalfa, tomatoes, sunfl owers, and corn (Trotta et al. 2006 ; Ahmed et al. 2006 ; Chen et al. 2007 ; Liu et al. 2005 ; Ultra et al. 2007a ; Yu et al. 2009 ) . Corn mycorrhizae were able to signifi cantly reduce the amount of arsenate, but not arsenite, absorbed by roots (Yu et al. 2009 ) . In this same experiment, a reduction in arsenate reductase activity also occurred in the root from a fungal infection. Some authors attributed the lower concentrations of As in the plants infected with mycorrhizae to a blockage of absorption (Yu et al. 2009 ) , whereas others attributed it to a dilution effect observed from the increase in overall plant mass (Chen et al. 2007 ) .
Absorption of Arsenic
Root absorption of elements fi rst occurs by diffusion from the soil solution within the root apoplast, followed by the symplast, effecting penetration to the interior of plant cells (Mengel and Kirkby 2001 ) . At the cellular membrane, ions enter via transport proteins that are often specifi c for one or several elements of similar chemical characteristics. Aquaporins and phosphate transporters both are involved in the transmembrane transport and absorption of arsenic.
Aquaporins are water channels; however, other non-charged molecules, such as arsenious acid, also enter through them. Various authors have addressed aquaporins in relation to the absorption of As(III) (Isayenkov and Maathuis 2008 ; Ma et al. 2008 ) . Interestingly, it has been experimentally determined that As(III) and Si both share the same methods of entrance into and transport in rice (Ma et al. 2008 ) . Hence, there is a group of aquaporins (NIPs) that play a fundamental role in the absorption of non-charged molecules, such as glycerol, ammonia, and the boric, arsenious, and silic acids ) .
Physiological studies in plants have illustrated the important role that phosphate carriers play in the absorption of arsenate, and the interaction that occurs between both P and As(V) at the root uptake level (Meharg and Macnair 1992 ; Esteban et al. 2003 ) . The phosphate/arsenate mechanism of absorption involves the co-transport of the anion with protons, in a stoichiometry of 2H + for each anion ) . Organic forms of As are absorbed less effectively than are inorganic As forms (Marin et al. 1992 ; Raab et al. 2007 ; Zhao et al. 2009 ) , and Si transporters may also be involved (Li et al. 2009a ) .
Accumulation and Transport
Once inside the cell, arsenate is reduced to arsenite, which consumes reduced glutathione: AsO 4 −3 + 2 GSH → AsO 3 −3 + GSSG, a reaction that is catalyzed by arsenate reductase (Verbruggen et al. 2009 ) . It has therefore been shown that the majority of arsenic that exists in plant tissue is present as arsenite (Tripathi et al. 2007 ) , regardless of what was in the solution at the time of plant growth. Arsenite has a high affi nity for SH groups and tends to be complexed and stored in vacuoles, although it can also be transported via the xylem to other plant tissues. Movement through the xylem is controlled by the fl ow of the transpiration stream, but is also infl uenced by membrane transport proteins. Recently, two transporters (Lsi1 and Lsi2) were described between plant endodermis and exodermis, and these mediate the entrance of arsenite into the xylem or its effl ux to the external medium ) . These Lsi transporters are principally involved in Si nutrition (Ma et al. 2008 ) .
The transport of As, in most plant species, is generally not very effective, and hence As tends to remain in roots. An exception exists for those plants that are unusually effective at accumulating As in aerial plant parts. Accumulation of arsenite in the vacuole may be one reason why As transport into the xylem is reduced ) . Xylem transport of As has been intensely studied over the past years giving interesting, although somewhat contradictory, results. In many plant species, the reduction of As(V) in roots appears to be a key factor that results in blocking the xylem transport of As. Since phosphate is an anion that is completely mobile within plants, one would expect As(V) to act similarly (given the analogy between both anions), but this is not the case in any plant species. The infl uence of reduced As to block its transport was tested in plants ( Arabidopsis thaliana ) mutated to silence arsenate reductase. These plants demonstrated a ratio of [As] Aerial tissue : [As] Root that was 25 times greater than the wild type (Dhankher et al. 2006 ) . These authors suggest that this change results from a greater proportion of As(V) being available for transport through the xylem in roots, presumably through the same pathways that handle phosphate.
The majority of As that does not accumulate in aerial tissue exists as As(III) (Pickering et al. 2000 ; Dhankher et al. 2002 ; Castillo-Michel et al. 2007 ; Xu et al. 2007 ) . The reducing process in roots may constitute a physiological mechanism by which plants limit the fl ow of As into aerial tissues, thus protecting them from the effects of this metalloid. Additionally, the majority of As in the root is found as complexes (Vázquez et al. 2005 ) , and there is a negative correlation between the percent of As complexed by -SH groups in roots vs. the amounts translocated to aerial tissue (Huang et al. 2008 ) . In this respect, Raab et al. ( 2005 ) proposed that complexed As is not transported through the xylem. In hyper-accumulator plants, some authors have utilized synchrotron and liquid chromatography, coupled to ICP-MS techniques, to determine how As is transported from roots to aerial tissues as As(V), and how As is later stored in leaves as As(III) Pickering et al. 2006 ; Hokura et al. 2006 ; Tripathi et al. 2007 ) . Duan et al. ( 2005 ) , however, reported that arsenate reductase has greater activity in the roots of P. vittata , postulating that As transported through the xylem in this fern is primarily in the form of arsenite. Notwithstanding, in both plants that accumulate arsenic and in those that do not, it appears that once inside the cytoplasm, As is stored in vacuoles, thus avoiding interference with normal cellular function (Verbruggen et al. 2009 ) . Other trace elements are generally stored in tissues that are less metabolically active, such as epidermic (Vazquez et al. 1992 ) or senescing tissues (Ernst et al. 2000 ) . Baker ( 1981 ) established a classifi cation that grouped plants into three categories, based on how much element they accumulated in shoots. The three classes are called excluders, indicators, and accumulators, and these terms will be used henceforth below. Some species are able to hyper-accumulate As: P. vittata (up to 22,000 mg As per kg), Jasione montana (6,640), Calluna vulgaris (4,130), Agrostis tenuis and stolonifera (10,000), Pityrogramma calomelanos , Mimosa púdica , Melastoma malabratrhicum (8,350) (Wang and Mulligan 2006 ) . Except for these particular plants, most plants accumulate arsenic in their roots. This, however, does not exclude the fact that many plants are adapted to grow in soils that have high As concentrations, without accumulating it. Among such plants are the tolerant excluder ecotypes. The concentration of arsenic in non-accumulator plants rarely exceeds 2 mg As per kg in aerial parts (Horswell and Speir 2006 ) . From an agricultural perspective, areas fl ooded with waters rich in As may pose a problem, because these crops may contain suffi cient As levels to render them dangerous for human consumption (Bhattacharya et al. 2007 ) . In Fig. 2 , links between physiological traits in plants and As-phytoaccumulation strategies are presented.
Arsenic Toxicity in Plants
When present within plant cells, As has various negative physiological effects, many of which have recently been the subject of intense study. Arsenic has no known biological function, although positive effects have been described at low concentrations of arsenate. The reason behind these positive effects has yet to be determined. Although these effects may be attributed to As itself, they may also result from an increase in the absorption of P when As concentrations remain below toxic thresholds (Carbonell-Barrachina et al. 1998 ) . Arsenite is generally more toxic than arsenate, partially because of its greater solubility and mobility. The sensing and signaling of an excess of As in plants and the complex biochemical changes it induces are still unknown, although they have been extensively studied in the recent years (Verbruggen et al. 2009 ) . When the toxicity of trace elements is studied in plants, herbaceous plants and/or crops are generally the target species used. Woody species are uncommonly used in As plant toxicity testing, despite the fact that they are favored when attempts are made to revegetate degraded soils.
The toxicity of organoarsenics has been scarcely studied in plants; however, they appear to block mersistematic tissues and also affect protein synthesis (Horswell and Speir 2006 ) . 
Visual Effects
Impairment of plant development is one of the observed symptoms from arsenic toxicity. Arsenate and arsenite both reduce the growth of plant species, such as Holcus lanatus , Lupinus albus, and Triticum aestivum, when grown under hydroponic conditions (Hartley-Whitaker et al. 2001 ; Vázquez et al. 2005 ; Geng et al. 2006 ) . Among the symptoms induced by As exposure in plants are reduced root elongation, loss of root branching, chlorosis in leaves, and shrinking or necrosis in aerial plant parts (Carbonell-Barrachina et al. 1998 ) .
Oxidative Stress
Elements that have several oxidation states often serve as good reaction catalysts in which oxidation-reduction is involved (As, Cu, Hg, etc.). In aqueous solutions of near neutral pH, such as in the cytoplasm, radicals can produce H 2 O 2 , which later produce hydroxyl radical. All reactive oxygen species (ROS) can directly damage biomolecules and cause peroxidation of membrane lipids. Arsenic can also induce oxidative stress in plant cells, a fact refl ected as an increase in the concentration of malondialdehyde (MDA) in vegetable tissues; MDA is a metabolic product of the peroxidation of lipids in biological membranes. The stimulation of oxidative stress, associated with the accumulation of arsenic in plants, has been shown to occur in both cultivated plants, and in wild bushes (Hartley-Whitaker et al. 2001 ; Mascher et al. 2002 ; Moreno-Jiménez et al. 2008 . Arsenic also modifi es the gene expression involved in cellular homeostasis for redox perturbation (Requejo and Tena 2005 ) and activates some antioxidant enzymes (Srivastava et al. 2005 ) .
Nutritional Disorders
Plant mineral nutrition is affected in a non-specifi c manner by many toxic elements. Effects result either from an alteration in transport processes of the cellular membrane, or effects on transpiration. The most notable effect produced by As results from the similarities that exist between arsenate and phosphate. Addition of arsenate causes a decrease in the levels of P in plants, because the entry of both ions is mediated through the same membrane transporter (Meharg and Macnair 1992 ; Vázquez et al. 2005 ) . Among other changes to nutritional patterns caused by the presence of As in the environment in which plants are grown, is a decrease in the concentrations of Mn, Fe, Cu, N, Zn, and Mg (Mascher et al. 2002 ; Vázquez et al. 2008b ) .
Photosynthetic Inhibition
Arsenic causes chlorosis in plant leaves because of the induced decrease in chlorophyll levels (Mascher et al. 2002 ) . There may be other reasons for As-induced chlorosis (such as iron defi ciency), but the primary cause is directly attributed to the inhibition of pigment synthesis (Jain and Gadre 1997 ) . The effects produced result from limited availability of d -aminolevulinic acid (a precursor to chlorophyll) and from alterations in proteins rich in thiol groups.
Metabolic and Genetic Alterations
Theoretically, arsenate can substitute for phosphate in some metabolic processes. Within the cytoplasm, arsenate competes with phosphate in phosphorylation reactions, such as the synthesis of ATP. Herein, ADP-As is formed, altering the energetics of the cell cycle because of its instability (Verbruggen et al. 2009 ) . Arsenite demonstrates a high affi nity for -SH groups of biomolecules (enzymes and proteins), inhibiting their function (Meharg and Hartley-Whitaker 2002 ) . As(III) and (AsV) are mutagenic compounds that can alter the genome (Lin et al. 2008 ) . For this reason, the presence of repair biomolecules in the chromatin may be able to increase a plant's tolerance to arsenic (Verbruggen et al. 2009 ) .
Mechanisms of Arsenic Resistance in Plants
There is a difference between plant resistance and plant tolerance to toxic elements. Resistance to toxic elements is generally defi ned by a plant's capacity to support an excess of a toxic element present in the environment. By comparison, tolerance is the exceptional capacity of a plant to survive in a soil that is toxic to other plants, demonstrated by the interaction between genotype and environment (Hall 2002 ) . Ernst et al. ( 2008 ) have established another classifi cation, based on the tolerance/sensitivity a plant has to trace elements: (1) hypotolerant, sensitive, or hypersensitive plants are those with genetically modifi ed phenotypes that are extremely vulnerable to one or many metals or metalloids; (2) basal tolerant -would be equivalent to resistance, meaning genetic resistance of one species (also called non-metallic populations or populations with constitutive tolerance); (3) hypertolerants are populations that show a low sensitivity to one or more elements due to adaptive mechanisms (also called metalophytes). Plants resist the effects of toxicity by using several biological mechanisms, all of which are known to be detoxifi cation mechanisms. There is still insuffi cient research information available to explain what cellular mechanisms plants use to detect the presence of As. Moreover, what signals are triggered after As is detected and detoxifi cation mechanisms initiated is also not known, other than those cellular signals derived from the tissue damage produced (Verbruggen et al. 2009 ) .
Mycorrhization
Mycorrhizae are able to modify tolerance patterns in host plants (Sharples et al. 2000 ; González-Chávez et al. 2002 ; Leung et al. 2006 ) . In regard to the effects that mycorrhizae cause in their hosts, plants can be categorized as follows: (1) plants that respond positively to mycorrhization, with increases in biomass and improvements in mineral nutrition (AM-r plants), and (2) plants in which mycorrhization has no effect (n-AM-r plants). Smith et al. ( 2010 ) discussed how mycorrhization effectively alleviated the toxic effects of As on AM-r plants, whereas literature references on those same effects on n-AM-r plants are variable. In wild rye, for example, some plants infected with mycorrhizae (n-AM-r) showed no improved tolerance to As (Knudson et al. 2003 ) , while in other cases, many plants infected with mycorrhizae did show tolerance improvement. When tolerance was improved in plants infected with mycorrhizae, there were several different reasons for the improvement. Xu et al. ( 2009 ) , for example, attributed improvement to greater absorption of P and a reduced concentration of As in Medicago truncatula plants, while Yu et al. ( 2009 ) explained this same effect as an inhibition in the absorption and speciation of As in plants infected with mycorrhizae.
Immobilization Within the Rhizosphere
It has been shown that, in fl ooded soils, iron plaques are formed in areas surrounding the roots. These plaques are able to retain high concentrations of As, and act as the fi rst fi lter at the root level. This mechanism is especially effi cient in rice paddies or where plants grown in liquid media (Hansel et al. 2002 ; Liu et al. 2004 Liu et al. , 2006 . In the rhizosphere of aerated soils, redox reactions favor the formation of iron plaques that retain As in the areas directly surrounding roots. Fe, retained in the apoplastic area surrounding roots of plants grown in well-aerated soils, could act in a similar manner as that of fl ooded soils (Doucleff and Terry 2002 ) .
Exclusion
Exclusion reduces the entrance of As via changes in the mechanisms of root absorption. Tolerant populations of the plant H. lanatus lack the high affi nity uptake system for phosphate absorption (Meharg and Macnair 1992 ) . For this reason, these plants had reduced absorption of both phosphate and arsenate, and were better adapted to environments having high concentrations of As (Meharg and HartleyWhitaker 2002 ) . Arabidopsis thaliana plants, in the presence of As(V), slowed gene expression associated with phosphate absorption; simultaneously, the plant induced transcriptional gene expression that was stimulated by As, suggesting that there are distinct transcriptional pathways that regulate the defi ciency of P and that the responses to As are interconnected (Catarecha et al. 2007 ) .
Active Effl ux
Arsenic can be pumped out of plant cells (Xu et al. 2007 ) , mainly in the form of arsenite. Although this mechanism has yet to be clearly established, the status of the information that exists on the subject was recently summarized by Zhao et al. ( 2009 ) . Active effl ux of arsenite has been observed to occur in various plant species grown under hydroponic conditions: wheat, barley, corn, tomato, H. lanatus, and A. thaliana . Physiological evidence indicates that the expulsion process is active and depends on a proton gradient created by cellular metabolism. It has yet to be demonstrated that increased expulsion correlates directly with improved plant tolerance within a given plant population; however, this relationship has been demonstrated in microorganisms (Bhattacharjee and Rosen 2007 ) . Studies performed in soil have provided evidence that arsenite accumulates in areas directly surrounding the roots of sunfl ower and corn (Ultra et al. 2007a, b ; Vetterlein et al. 2007 ) . It is estimated that up to 50-80% of the As absorbed by roots may be secreted via active effl ux in non-accumulating plants (Verbruggen et al. 2009 ) . In contrast, it has been demonstrated that hyper-accumulating plants do not show As effl ux to the environment via roots ) .
Complexation
Plants take advantage of the high affi nity arsenite has for -SH groups to deactivate the toxic effects of As. Therefore, there are many ligands in the cytosol for which trace elements have a high affi nity. In certain plant species, As(III) complexes exist that have different biomolecules rich in thiol groups such as glutathione and phytochelatines (Meharg and Hartley-Whitaker 2002 ) . For example, it has been shown that the presence of some trace elements, such as Ag, As, Cd, Cu, Hg, Se, or Pb in plants, provoke the synthesis of phytochelatines. Phytochelatines (PCs) are small peptides, rich in cysteine, that have the general structure (y-Glu-Cys) n -Gly, where n = 2-11. PCs are bound to trace elements via thiolate bonds that are synthesized from glutathione (GSH) and catalyzed by the enzyme PCsynthase. PCs are able to effectively complex inorganic arsenic that accumulates in plants, and GS 3 -As(III) complexes have been identifi ed to exist in certain plants (Pickering et al. 2000 ) . Many plant species have responded to the presence of As in the environment, such as lupin, H. lanatus , sunfl ower or Silene vulgaris (Sneller et al. 2000 ; HartleyWhitaker et al. 2001 ; Vázquez et al. 2005 ; Raab et al. 2005 ; Aldrich et al. 2007 ; Moreno-Jiménez et al. 2008 . Arabidopsis plants that have a greater capacity to synthesize PCs were more tolerant than were the wild types (Dhankher et al. 2002 ) ; moreover, resistant clones of H. lanatus showed a greater production of PCs in response to As than sensitive plants (Hartley-Whitaker et al. 2001 ) . The foregoing points indicate that PCs, and probably GSH, play a role in the detoxifi cation of As. However, this mechanism requires great metabolic effort and, in some instances, greater tolerance has not been correlated to greater levels of phytochelatines or thiols. Therefore, in hyper-accumulating plants, this detoxifi cation method appears to be limited in comparison to the high levels of As that accumulate . And, there is some evidence that the proportion of As complexed by SH in the root is negatively correlated with the translocation of As to the aerial portion of the plant (Huang et al. 2008 ) .
Compartmentalization
Once arsenite is complexed, it is most probably stored in the vacuoles of root cells, which reduce its mobility in the cytoplasm and its translocation through the xylem. It is believed, however, that vacuolar compartmentalization, and thereby detoxifi cation of As, is important in all plant organs (Pickering et al. 2006 ) . Once inside the vacuole, where the pH is approximately 8, the rupture of the complex could take place and the ligand could then be used to complex more arsenite. Although there is no experimental data to show that the entrance of PC-As or GSH-As through the tonoplast takes place under in vivo conditions (Tripathi et al. 2007 ) , it is known to occur under in vitro conditions (Dhankher et al. 2006 ) . The entrance of such arsenite forms that are complexed to thiol groups is most likely facilitated via ABC-(ATP-binding cassette superfamily) type transporters (Verbruggen et al. 2009 ) .
Some authors have suggested that As is retained in cell walls (Doucleff and Terry 2002 ; Vázquez et al. 2007 ) , although this has not clearly been established. Cell wall retention has been demonstrated to be an effective detoxifi cation mechanism for other trace elements, such as Cd and Hg (Zornoza et al. 2002 ; Moreno-Jiménez et al. 2007 ) .
Practical Applications for Mitigating Arsenic's Effects
Phytoremediation
Phytoremediation is the use of plants to remediate organic or inorganic contaminates of soils and water (Salt et al. 1995 ) . Chaney et al. ( 1997 ) defi ned soil phytoremediation as the use of plants, amendments, or agricultural techniques to eliminate, retain, or reduce the toxicity of soil contaminants. From the onset, phytoremediation was seen as a competitive technology for recuperating soils. It has promised and has produced positive results, which makes it attractive to both the commercial and scientifi c communities (Peuke and Rennenberg 2005 ) . The benefi ts that phytoremediation has shown over competitive techniques (physico-chemical site-cleaning methods) are as follows: (1) it is inexpensive, (2) it is less invasive, and (3) it is well received both environmentally and socially. Phytoremediation has been successfully used to clean arsenic-contaminated soils and water.
Phytoextraction
Phytoextraction is the technique plants use to accumulate signifi cant quantities of a contaminant in their tissues, and these plants can later be harvested or collected for appropriate disposal or management . This technology has been studied and applied to events connected with Cd, Zn, Pb, Ni, and As contamination. Except for Ni, which has economic value (the technique with Ni clean-up is called phyto-mining; Chaney et al. 2007 ) , the other forms of contaminated plant biomass pose a disposal problem . In some cases, phytoextraction has been assisted by mobilizing agents, although the experiments have shown that one must be careful to control leaching, because there is high risk that the contaminant could disperse into water sources . McGrath and Zhao ( 2003 ) estimated that, if one plant produced 10 t of biomass per hectare, it would need to accumulate a contaminant (soil/plant concentration ratio) by 20-fold to reduce it to 50% of the original soil level, after ten plant cycles. Phytoextraction of As (Fig. 3 ) has been tested using in-container studies that utilize the hyper-accumulating plant species P. vittata , although other hyper-accumulating plants are available (Meharg 2005 ) . A recent and cogent review was published that was specifi c to As accumulation in P. vittata (Xie et al. 2009 ) . Pteris vittata has root-level transporters that have high affi nity and capacity for As absorption ) . In addition, this species shows a limited root complexing of As and elevated concentrations of As in sap . Together, these characteristics trigger an extraordinary level of translocation of As towards the aerial portion of the plant (Tu and Ma 2002 ) . Although As is usually not that bioavailable from soils, the rhizosphere of P. vitatta appears to be uniquely capable of mobilizing As, even from soil fractions that are barely available (Fitz et al. 2003 ) . A reduction in redox potential, and an increase in the amount of Biomass disposal Energy production ??? organic carbon released in the rhizosphere of ferns may be what enhances As uptake by the plant. Moreover, following phytoextraction with this plant, the available As fraction was reduced. Unfortunately, the distribution and ecological niche of P. vittata is restricted, which confi nes its application to specifi c zones. In addition, there is the problem of having to dispose of the harvested (contaminated) plant tissue. Recently, two reviews have been authored, in which the necessity of improving the genetics of phytoextracting plants through molecular plant biology was described (Tripathi et al. 2007 ; Zhu and Rosen 2009 ) . It has recently been determined that the As fraction retained in labile form is recharged at a slow rate, which impedes phytoextraction (Cattani et al. 2009 ) . With respect to assisted phytoextraction of As, results have revealed that As absorption by plants increased after application of phosphate (Tassi et al. 2004 ) or biodegradable chelating agents such as HIDS (Hydroxyiminodisuccinic Acid) and EDDS (Ethylenediamine-N , N ¢ -disuccinic Acid) (Azizur-Rahman et al. 2009 ) . In this case, it is necessary to carefully evaluate the consequence of diffuse contamination, when As becomes more soil mobile ) .
Grain
Phytostabilization
Phytostabilization is the mixed use of plants and agricultural practices to reduce mobilization and transfer of contaminants (Chaney et al. 1997 ) . When plants are present in the soil, contaminants are stabilized, making them less susceptible to erosion and wind dispersion. Plants accumulate contaminants in the root, which further impedes their transfer and mobility. When this occurs, auto-sustainable plant species that have a prolonged life cycle and are adapted to such environmental conditions are especially interesting. The concept of natural attenuation consists of an ecosystem's and soil's capacity to auto-regulate and react slowly to chemical attacks, which can potentially reduce the risks associated with the presence of the contaminating element (Adriano et al. 2004 ) . Assisted natural attenuation refers to the use of techniques such as replanting or the application of amendments to accelerate the process of natural attenuation (Madejón et al. 2006 ) . For As, it has been demonstrated that both natural attenuation as well as phytostabilization could be useful fi eld techniques (Vázquez et al. 2006 ; Madejón and Lepp 2007 ; Domínguez et al. 2008 ; Moreno-Jiménez et al. 2010a , 2011b .
The authors of some studies, however, have described plants that have little infl uence on the available As fraction, particularly when As exists at high soil concentrations (King et al. 2008 ) . Phytostabilization is aided when organic or inorganic amendments are used; these materials improve soil properties by retaining metalloids or preventing their solubilization (de la Fuente et al. 2009 ) . Kumpiene et al. ( 2008 ) reviewed different amendments that could immobilize As in soils. They concluded that the amendments could be both useful and effective in managing arsenic contamination. Among useful inorganic amendments are those rich in iron (red sludge, rolling mill scale, etc.), fl y ash, clays or liming materials (Kumpiene et al. 2008 ; de la Fuente et al. 2010 ) , whereas organic amendments capable of immobilizing As are those that have high stability of the humus (de la Fuente et al. 2009 ) . In either case, it is necessary to monitor contaminants over time to assure that the phytostabilization process has been a success (Vangronsveld et al. 2009 ) .
Recently, phyto-attenuation has been described as the process by which a plant extracts the most available fraction of an element from the soil, which can later be harvested in such a way that it reduces the risks associated with inorganic soil contamination (Meers et al. 2010 ) . Phytostabilization of arsenic in roots has been confi rmed as a useful remediation technique, because there is low risk of As being remobilized, even when the roots themselves are mineralized (Vázquez et al. 2008c ; Moreno-Jiménez et al. 2009b ) .
Phytofi ltration
The presence of As in water presents one of the greatest of environmental risks to human health; As presents both a direct risk through consumption, as well as through indirect risk from contaminated irrigation waters. Phytofi ltration is a technique that uses plants/roots to decontaminate water (Raskin et al. 1997 ) . Aquatic, semi-aquatic, and terrestrial plants, and plant biomass (Haque et al. 2007 ) have all been used to eliminate or reduce arsenic contaminated water. Ideally, plants used in phytofi ltration must be effective in capturing the contaminant from water, and must also grow rapidly. Plants that are not adapted to grow in anoxic conditions or those that are unable to grow rapidly in such conditions, may require the water in which they grow to be artifi cially aerated. Blastofi ltration is the use of plant seedlings instead of plants. Seedling use increases the surface-area ratio of contact/volume of water, allowing better contaminant absorption in plant material (Raskin et al. 1997 ) . Anawar et al. ( 2008 ) recently reviewed the use of phytofi ltration in water, concluding that this method could be an effective alternative. Two strategies to deal with As contamination by this method have been studied: (1) employing plants that need a support structure and (2) using species of plants that fl oat on water. The fi rst strategy relies on P. vittata to eliminate As from solutions by growing the plants under hydroponic conditions in contaminated water (Malik et al. 2009 ) . Plants can purify solutions that retain up to 200 m g L −1 of As, and can lower the concentration present to less than 10 m g L −1
, in only 24 h . In other experiments, design parameters were optimized to achieve maximal As uptake by stabilizing the pH below 5.2 (Tu and Ma 2003 ) . In the second strategy, plants of the genus Lemna and the macrophyte Spirodela polyrhiza were able to reduce the concentration of As in contaminated waters (Azizur Rahman et al. 2007 ; Sasmaz and Obek 2009 ) . 
Reducing Arsenic Transfer to Edible Plant Tissues
The main sources of arsenic exposure to humans are through consuming contaminated water (Hurtado-Jiménez and Gardea-Torredey 2006 ) or food . In some countries, there is a high risk of exposure to arsenic from eating contaminated foods ) .
Presence of Arsenic in Rice
Rice is the principal source of human nutrition in much of the world. It is commonly grown in naturally or artifi cially fl ooded soils. When rice is grown under conditions of poor aeration, arsenic is primarily found as As(III), which is highly mobile. In this form, As is easily absorbed by rice plants, whose capacity to accumulate As is greater than most other crops, such as wheat or barley . As is stored in rice tissues at increasing concentrations in the following parts: external iron plaque > root > straw > husk > grain (Liu et al. 2006 ) . Therefore, formation of an external iron plaque inhibits, in part, the accumulation of As in the rice plant (Liu et al. 2006 ) .
Regardless of order, the concentrations of As that appear in edible portions of rice are very high, especially considering the quantities of rice eaten by humans. Meharg et al. ( 2009 ) have shown that eating rice is the main source of As exposure in many countries, and increases risks associated with chronic arsenic exposure. Liao et al. ( 2010 ) described how consuming contaminated rice is associated with skin disease in children. The average concentrations of As in rice are between 0.05 and 0.95 mg kg −1 , although some samples exceed 1 mg As per kg (Williams et al. 2005 ) . It has been estimated that the quantity of arsenic consumed per person, per day, in some countries, may be up to 0.9 mg (Butcher 2009 ) . According to the WHO, this intake amount approaches the maximum tolerable limit for daily ingestion of As (Williams et al. 2005 ) .
Experiments in recent years have shown that the development of agricultural and genetic techniques may help control or reduce such risks (Tripathi et al. 2007 ; Zhao et al. 2009 ) . One approach to risk reduction involves selecting varieties of rice that accumulate less As in their edible parts (Williams et al. 2005 ) . Alternatively, the same end may be achieved by using genetic techniques (Tripathi et al. 2007 ) . Lemont, Azucena, and Te-qing are rice cultivars that apparently accumulate less As in their seeds (Norton et al. 2009 ) . Genetic modifi cation studies are also being conducted to evaluate methods by which As accumulation in edible tissues can be reduced, or As volatilization increased from edible tissues (Tripathi et al. 2007 ) .
Work to mitigate As levels in crops through changes in agricultural practices have also been attempted (Fig. 3 ) . Using As-contaminated water for crop irrigation has increased As uptake from soils into plants for decades Kahn et al. 2009 ) . Using clean irrigation water or purifying the water before use in irrigation would obviously reduce food levels of arsenic. Improving aeration of soils would help immobilize any As present and would reduce its plant availability . As(III) is absorbed through plant roots via water channels that also are involved in the absorption of boron and silicon (Ma et al. 2008 ) . Competition between these elements and arsenite may therefore exist, which would explain why rice fertilized with Si had lower concentrations of As (Guo et al. 2009 ; Li et al. 2009b ) . Finally, consumers can reduce their As exposure risk by boiling rice in abundant water 
Selecting Crops for Low As Levels
Reducing the oral intake of As in humans by reducing the amounts consumed in crops would greatly improve food safety. Some crops accumulate higher levels of As than others do. Since As is generally retained in plant roots (Moreno-Jiménez et al. 2008 ; Zhang et al. 2009 ) , tubers and edible roots may accumulate As, and it would be most wise to closely evaluate these where they are heavily consumed. Potato plants (Moyano et al. 2009 ) and other tubers grown in As-contaminated soils, such as radishes (Warren et al. 2003 ) , carrots, garlic and onions (Huang et al. 2006 ; Zhao et al. 2009 ) , have shown signifi cant levels of As. In contrast to crops showing high As levels, de la Fuente et al. ( 2010 ) reported only low or moderate levels of As in potatoes, carrots, and sugar beets.
Other plant organs are also subjected to As accumulation. Huang et al. ( 2006 ) described the following pattern of As concentrations in the edible parts of the following edible crops: celery > mustard > spinach > lettuce > taro > bokchoi > cowpea > caulifl ower > eggplant. De la Fuente et al. ( 2010 ) reported the following pattern in several crops: red cabbage ~ curly endive > barley ~ wheat ~ sugar beet ~ leek > cabbage ~ green pepper. Zhao et al. ( 2009 ) found As concentrations to be high in lettuce, eggplant, and green onions, whereas Gulz et al. ( 2005 ) found As concentrations in sunfl ower and rape to be greater than those of corn. Warren et al. ( 2003 ) reported concentrations of As to be greater in lettuce and broccoli than in spinach, but above all, these authors found the greatest concentrations of As to occur in radishes. The percentage of inorganic As in edible crops was reported to be high, although the concentration found posed no serious risk for human consumption (de la Fuente et al. 2010 ) . Gulz et al. ( 2005 ) advised against using sunfl ower and rape seeds to produce cooking oil, because As levels in these crops surpassed the maximum levels permitted in Switzerland of 0.2 mg As per kg.
Using Soil Amendments and Mycorrhizae
Applying inorganic amendments can affect the mode of uptake and level of available As in soils. Particularly effective are amendments rich in Fe, because iron oxides effectively retain As (Mench et al. 2003 ; Warren et al. 2003 ; Hartley and Lepp 2008 ; de la Fuente et al. 2010 ) . Fertilization with P also alters the absorption of As, because phosphate displaces arsenate in the soil and mobilizes it. Gunes et al. ( 2008 ) reported an increase in As accumulation when P was applied; however, the application of phosphorus-based fertilizers reduced the As plant levels (Khattak et al. 1991 ; Pigna et al. 2009 ) .
Raising the soil pH increases As plant bioavailability (Smith et al. 1999 ; Fitz and Wenzel 2002 ) , although some studies indicate that application of CaCO 3 to acidic soils reduced As availability (Simón et al. 2005 ) .
The application of organic amendments increases the soil mobility of, and therefore, As plant uptake (Mench et al. 2003 ; Hartley and Lepp 2008 ; Renella et al. 2007 ; Clemente et al. 2010 ) , but some studies show that available As is stabilized with the application of organic matter to soil (Gadepalle et al. 2007 ) . The fact that organic matter is both stable and is highly polymerized may help to explain such contradictory results. Combining Fe-enriched amendments with organic materials should be a future focus of research, since these amendments provide a good environment for plant growth and reduce or prevent the transfer of harmful As or other metal concentrations to edible plant tissues.
Ninety percent of higher plants interact with mycorrhizae (González-Chávez et al. 2002 ; Leung et al. 2006 ; Chen et al. 2007 ) and mycorrhizae appear to affect the soil behavior of As. Existing data suggest that plants infected with mycorrhizae have a greater ratio of P/As in their tissues, and this bestows greater As tolerance on them (Smith et al. 2010 ) . In some studies, the reduction of As in plants that were infected by mycorrhizae was attributed to two effects: (1) a slower rate of root absorption of As (Yu et al. 2009 ) and (2) a dilution effect from accentuated plant growth (Smith et al. 2010 ) . Further research is needed to fi nd improved plantmicroorganism combinations that minimize As accumulation in plant tissues destined for human consumption.
Alternatives: Using Contaminated Crops for Non-food Purposes
An alternative to consuming As-contaminated food is to use As-contaminated biomass for non-food purposes (Vangronsveld et al. 2009 ) . Such biomass could be used in energy production or as primary material inputs for industrial products (Thewys 2008 ; Dickinson et al. 2009 ; Padey et al. 2009 ; Mench et al. 2010 ) . In either case, the use of phytotechnologies is viable for managing contaminated soils and as means to return them to economic profi tability (Thewys and Kuppens 2008 ) . The examples in which such alternative uses were actually put into practice are few, but, when used, the results have proven satisfactory; notwithstanding, improvements to these techniques are required (Thewys and Kuppens 2008 ) . Several experiments were conducted in contaminated soils using plant species such as Salix spp., corn, sunfl ower, tobacco, poplar, Brassica ssp., P. vittata , etc. (Vangronsveld et al. 2009 ) . Energy from such biomass could be in the form of biogas generation, direct incineration, pyrolysis, biomass gasifi cation, fermentation into biofuels, etc. (Mench et al. 2010 ) . Degraded sites can be managed to produce energy and at the same time reduce the environmental risk associated with arsenic. For this purpose, contaminated soils may be used to amend wastes (compost, biochar, or iron oxides), thus recycling the materials. Both renewable energy production and human waste recycling are key factors for the future global environmental agenda (Dickinson et al. 2009 ) . Crops grown in contaminated soils could also be used to produce other non-food goods. Examples are: cosmetics, industrial products, essential oils, paper, cardboard, wood, plant fi bers, etc. (Mench et al. 2010 ) . Regardless of the end use to which contaminated plant biomass is put, avoiding unacceptable environmental impact is crucial, particularly when arsenic or other contaminants are present in plant biomass.
Summary
Arsenic is a natural trace element found in the environment. In some cases and places, human activities have increased the soil concentration of As to levels that exceed hazard thresholds. Amongst the main contributing sources of As contamination of soil and water are the following: geologic origin, pyritic mining, agriculture, and coal burning. Arsenic speciation in soils occurs and is relatively complex. Soils contain both organic and inorganic arsenic species. Inorganic As species include arsenite and arsenate, which are the most abundant forms found in the environment. The majority of As in aerated soils exists as H 2 AsO 4 − (acid soils) or HAsO 4 2− (neutral and basic). However, H 3 AsO 3 is the predominant species in anaerobic soils, where arsenic availability is higher and As(III) is more weakly retained in the soil matrix than is As(V). The availability of As in soils is usually driven by multiple factors. Among these factors is the presence of Fe-oxides and/or phosphorus, (co)precipitation in salts, pH, organic matter, clay content, rainfall amount, etc. The available and most labile As fraction can potentially be taken up by plant roots, although the concentration of this fraction is usually low.
Arsenic has no known biological function in plants. Once inside root cells, As(V) is quickly reduced to As(III), and, in many plant species, becomes complexed. Phosphorus nutrition infl uences As(V) uptake and toxicity in plants, whilst silicon has similar infl uences on As(III). Plants cope with As contamination in their tissues by possessing detoxifi cation mechanisms. Such mechanisms include complexation and compartmentalization. However, once these mechanisms are saturated, symptoms of phytotoxicity appear. Phytotoxic effects commonly observed from As exposure includes growth inhibition, chlorophyll degradation, nutrient depletion and oxidative stress. Plants vary in their ability to accumulate and tolerate As (from tolerant hyperaccumulators to sensitive excluders), and some plants are useful for soil reclamation and in sustainable agriculture.
The status of current scientifi c knowledge allows us to manage As contamination in the soil-plant system and to mitigate arsenic's effects. Phytoremediation is an emerging technology suitable for reclaiming As-contaminated soils and waters. Phytoextraction has been used to clean As-contaminated soils, although its applicability has not yet reached maturity. Phytostabilization has been employed to reduce environmental risk by confi ning As as an inert form in soils and has shown success in both laboratory experiments and in fi eld trials. Phytofi ltration has been used to treat As-enriched waters. Such treatment removes As when it is accumulated in plants grown in or on water. In agricultural food production, appropriate soil management and plant variety/species selection can minimize As-associated human diseases and the transfer of As within the food chain. Selecting suitable plants for use on As-contaminated soils may also enhance alternative land use, such as for energy or raw material production.
